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Abstract

Use of extensive but low-resolution abundance data is common in the assessment of
species at-risk status based on quantitative decline criteria under International Union for
Conservation of Nature (IUCN) and national endangered species legislation. Such data
can be problematic for 3 reasons. First, statistical power to reject the null hypothesis of no
change is often low because of small sample size and high sampling uncertainty leading to
a high frequency of type II errors. Second, range-wide assessments composed of multiple
site-specific observations do not effectively weight site-specific trends into global trends.
Third, uncertainty in site-specific temporal trends and relative abundance are not propa-
gated at the appropriate spatial scale. A common result is the propensity to underestimate
the magnitude of declines and therefore fail to identify the appropriate at-risk status for a
species. We used 3 statistical approaches, from simple to more complex, to estimate tem-
poral decline rates for a designatable unit (DU) of rainbow trout in the Athabasca River
watershed in western Canada. This DU is considered a native species for purposes of list-
ing because of its genetic composition characterized as >0.95 indigenous origin in the face
of continuing introgressive hybridization with introduced populations in the watershed.
Analysis of abundance trends from 57 time series with a fixed-effects model identified 33
sites with negative trends, but only 2 were statistically significant. By contrast, a hierarchi-
cal linear mixed model weighted by site-specific abundance provided a DU-wide decline
estimate of 16.4% per year and a 3-generation decline of 93.2%. A hierarchical Bayesian
mixed model yielded a similar 3-generation decline trend of 91.3% and the posterior dis-
tribution showed that the estimate had a >99% probability of exceeding thresholds for an
endangered listing. We conclude that the Bayesian approach was the most useful because it
provided a probabilistic statement of threshold exceedance in support of an at-risk status
recommendation.

KEYWORDS
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Resumen

El uso de datos extensivos, pero de baja resolución, de la abundancia es una práctica común
en la evaluación del estado de riesgo de una especie con base en los criterios cuantitativos
de declinación establecidos por la Unión Internacional para la Conservación de la Natu-
raleza (UICN) y la legislación nacional sobre especies en peligro extinción. Dicha informa-
ción puede ser problemática por tres razones: primero, el poder estadístico para rechazar la
hipótesis nula de ningún cambio es frecuentemente bajo debido a un tamaño pequeño de la
muestra y a la elevada incertidumbre del muestreo, lo que resulta en una frecuencia elevada
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de errores de tipo II; segundo, las evaluaciones de amplia variedad compuestas de varias
observaciones específicas de sitio no sopesan efectivamente las tendencias específicas de
sitio dentro de las tendencias globales; y tercero, la incertidumbre en las tendencias tem-
porales específicas de sitio y en la abundancia relativa no se propagan a la escala espacial
apropiada. Un resultado común del uso de esta información es la propensión a subesti-
mar la magnitud de las declinaciones, y por lo tanto equivocarse en la identificación del
estado de riesgo apropiado para la especie. Usamos tres estrategias estadísticas, de simples
a más complejas, para estimar las tasas de declinación temporal para una unidad designable
(UD) de trucha arcoíris en la cuenca del río Athabasca al oeste de Canadá. Esta UD es
considerada una especie nativa por razones de listado debido a su composición genética,
caracterizada como >0-95 de origen nativo de frente a la continua hibridación introgre-
siva con poblaciones introducidas a la cuenca. El análisis de las tendencias de abundancia
de 57 series de tiempo con un modelo de efectos fijos identificó 33 sitios con tendencias
negativas, pero sólo dos fueron estadísticamente significativas. En contraste, un modelo
lineal mixto de jerarquías sopesado por abundancia específica de sitio proporcionó una esti-
mación de declinación en toda la UD de 16.4% año−1 y una declinación a tres generaciones
de 93.2%. Un modelo bayesiano de jerarquías produjo una tendencia de declinación a tres
generaciones de 91.3% y la distribución posterior mostró que el estimado tuvo una prob-
abilidad >99% de exceder los umbrales para la categorización como especie en peligro.
Concluimos que la estrategia bayesiana fue la más útil porque proporcionó una afirmación
probabilística de la superación del umbral a favor de una recomendación de categorizar el
estado como en riesgo.

Palabras Clave:

análisis bayesiano de jerarquías, análisis de tendencias poblacionales, datos de baja resolución, trucha arcoíris de
Athabasca, umbrales del estado de conservación

INTRODUCTION

Assessment of the conservation status of native species involves
2 sequential steps. First is the identification of the unit of biodi-
versity to be assessed, whether a species, subspecies, or a distinct
population or group of populations within taxa, such as a dis-
tinct population segment under the U.S. Endangered Spcies Act
or a designatable unit (DU) under Canada’s Species at Risk Act
(SARA). Once a unit of conservation is determined, available
data on characteristics of geographical range and population
trends are measured against quantitative thresholds to deter-
mine at-risk status. Both steps can be challenging when infor-
mation on taxa is spatially and temporally sparse. These chal-
lenges are exacerbated in situations of invasion and introgres-
sion of non-native genotypes into native species. Introgression
can increase extinction risk through outbreeding depression,
introduction of maladaptive genes, wasted reproductive effort,
and genetic swamping (Quilodrán et al., 2020). Substantial intro-
gression can result in genomic extinction (Muhlfeld et al., 2014)
and mean the species is no longer considered native and, there-
fore, the species is not eligible for assessment and legal protec-
tion (IUCN, 2012; COSEWIC, 2018).

One of the key quantitative criteria used for at-risk assess-
ment of a conservation unit is evidence of observed, estimated,
inferred, or suspected decline in the number of mature individ-
uals over 3 generations (IUCN, 2012; COSEWIC, 2018). Rates
of decline are presumed to provide measures of relative risk
of extinction (Mace et al., 2008). Evaluation of this criterion

requires time-series abundance data, derived either by direct
observation or based on an index appropriate for the taxon
(e.g., catch per unit effort, juvenile abundance). Direct obser-
vation is possible for some taxa that can be counted across their
range, but more frequently the available data are an index of
abundance from random or incidental data collections. These
indices are then inferred to be representative of the total abun-
dance of mature individuals. This type of information has been
used in assessment of risk of extinction for about one-third of
all species included in the IUCN Red List (Collen et al., 2016).

Despite their common use and importance in assigning risk
status, estimating decline trends from time series poses chal-
lenges to accurate estimation and to making strong inferences.
Often abundance time series are too short to reliably estimate
trends (White, 2019), which can lead to acceptance of the null
hypothesis of no decline when there is a real decline (i.e., type
II error). A meta-analysis of abundance trends in marine mam-
mals demonstrated that 43% of time series either fail to reject
the null hypothesis of no decline or lead to the conclusion that
data were not sufficient to carry out the analysis and that better
monitoring efforts are required (Magera et al., 2013). This is not
a unique observation; the problem of lack of power to detect
decline trends for conservation assessments has been discussed
by many (e.g., Rhodes & Jonzén, 2011; Magera et al., 2013; Keith
et al., 2015; Collen et al., 2016; White, 2019). The challenge
is in differentiating longer-term population trends from inter-
annual variability with time series that are often short, have a
small sample size, and often have substantial observation error.
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Additionally, the conservation application is not only in inter-
preting statistical significance of regression parameters within
a hypothesis-testing paradigm but also to assess weight of evi-
dence that an estimated decline meets at-risk thresholds.

A second challenge in determining population trends is that
status is not assessed for single sites, but rather for collections
of sites encompassing the whole geographic range of the con-
servation unit, which is often distributed over large landscapes
up to scale of whole continents (Taylor et al., 2013). Therefore,
quantifying abundance trends for spatially structured conser-
vation units requires monitoring multiple sites over time. In a
designed survey, optimal effort decisions over space and time
can be determined if a priori knowledge of the degree of spa-
tial and temporal correlation and the magnitude of observation
error is available (Rhodes & Jonzén, 2011). In many cases, how-
ever, it is more likely that the available information for trend
analysis comes from opportunistically collected data rather than
from task-specific designed monitoring programs. Because field
researchers are typically limited by resources, they are faced with
logistical trade-offs between extensive spatial coverage across
broad landscapes, but with low resolution at individual sites or
more detailed and more precise measures at a single or few
sites. Surveys of species of conservation concern often focus
on broader spatial coverage at the expense of precise local
estimates. The result is often an extensive data set across the
species’ range that has low resolution at the individual-site scale.
So, the analysis problem is in effectively characterizing temporal
patterns at the scale of an entire conservation unit from multi-
ple, but low-resolution, site-specific observations.

We were challenged with the situation of extensive, but low-
resolution, abundance trend data and introgressive hybridiza-
tion in an assessment of the status of a DU of rainbow trout
(Oncorhynchus mykiss) in Canada. Our objectives were to iden-
tify the spatial scale of the DU of native rainbow trout based
on evidence of genetic composition, spatial discreteness, and
evolutionary significance in an area affected by introgressive
hybridization; estimate decline trends at the scale of the whole
DU from multiple, localized, and low-resolution relative abun-
dance data; and to determine at-risk status of this DU based
on a probabilistic estimate of exceeding criteria for legal listing
under SARA.

METHODS

Geographic setting and defining the DU

Rainbow trout is endemic to northeastern Siberia and North
America, but understanding of finer-scale distribution of native
rainbow trout is often complicated by extensive and often
unrecorded introductions (McPhail, 2007). In North America,
they occur as freshwater resident (rainbow trout) and anadro-
mous (steelhead trout) populations. Freshwater resident popula-
tions include Pacific drainages in the coastal and interior regions
of Alaska, British Columbia, Washington, Oregon, California,
and Baja California and east of the continental divide in 3 Arctic
drainages of northern British Columbia and Alberta (Behnke,

1992; McPhail, 2007) (Figure 1). The watersheds east of the con-
tinental divide comprise 2 in northern British Columbia (Liard
and Peace Rivers [Figure 1]) and 1 in northwestern Alberta
(Athabasca River [Figure 1]). All 3 watersheds are tributaries of
the Mackenzie River, but native rainbow trout occur only in the
headwaters of these watersheds. Therefore, the rainbow trout
of these watersheds are spatially discrete from each other and
from those west of the continental divide, and likely have been
since glaciation ∼10,000 years ago (e.g., Nelson & Paetz, 1992;
McCusker et al., 2000; Taylor et al., 2007).

The long-term viability of rainbow trout of the Athabasca
River watershed is threatened by habitat loss and alteration
(largely through oil and gas, forestry development, and asso-
ciated transportation networks) and introgression with non-
native genotypes (Taylor et al., 2007; Sinnatamby et al., 2019).
As such, their conservation status in the Athabasca River water-
shed is of concern and has been assessed by the Committee
on the Status of Endangered Species in Canada (COSEWIC)
(COSEWIC, 2014). Distribution is highly correlated with ele-
vation, and Athabasca River rainbow trout are restricted, frag-
mented, or absent from most streams lower than 850-m eleva-
tion and most common and with continuous distributions in
streams with elevations from 900 to 1500 m. The Athabasca
River watershed rainbow trout are thought to be uniquely
adapted to cold, unproductive, headwater streams, which are
characterized by a lack of interspecific competition and preda-
tion (Nelson & Paetz, 1992; COSEWIC, 2014). These habitat
characteristics have resulted in several significant differences in
the morphology, biology, and habitat use of Athabasca River
rainbow trout, in contrast to rainbow trout in most of their nat-
ural range to the west (Sterling, 1990, 1992; Nelson & Paetz,
1992). They are therefore considered to be an evolutionarily sig-
nificant component of rainbow trout biodiversity and hence a
DU distinct from other rainbow trout in Canada.

Non-native rainbow trout have historically been stocked in
the Athabasca River watershed; the first documented introduc-
tion occurred in 1926. These hatchery-raised fish originated
from a variety of locations west of the continental divide, includ-
ing California and the central interior of British Columbia (Tay-
lor et al., 2007). There is strong evidence of spatially constrained
introgressive hybridization between these non-native strains of
rainbow trout and rainbow trout native to the Athabasca River
watershed, which has led to genetically admixed populations
(Taylor et al., 2007; Taylor & Yau, 2013). Native rainbow trout
in Jasper National Park are considered extirpated owing to a
high frequency of non-native alleles. Extirpated populations
are those admixed populations in which the proportion of the
genome that is indigenous (Qi) as inferred using genetic tech-
niques is <0.95 (i.e., such fish have hatchery genetic compo-
sition of >0.05) (Figure 1) and reflect extensive introgressive
hybridization with hatchery fish (Taylor & Yau, 2013). There-
fore, Jasper National Park was excluded from the DU of native
Athabasca River rainbow trout (COSEWIC, 2014), and rainbow
trout from the park are no longer considered a native wildlife
species for purpose of legal listing under Canada’s SARA
(COSEWIC, 2018). This loss represents approximately 23% of
the total watershed area of the upper Athabasca River watershed
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FIGURE 1 Range map of native rainbow trout in North America (data from Penaluna et al., 2016), the continental divide, and the upper Athabasca River and
its flow direction toward the Arctic Ocean. The inset shows genetic sampling in the Athabasca River watershed. Data points identify sites for which genetic analyses
were conducted to determine an admixture coefficient (Qi). Genetically pure indigenous samples have a Qi > 0.95, and decreases in Qi correspond to an increase in
the presence of non-native alleles. Data from Taylor and Yau (2013)
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that was occupied by native rainbow trout postglacially (current
native range 25,489 km2). In addition to this substantial loss
of native range, these naturalized non-native populations likely
contribute a significant threat to native populations downstream
through propagule pressure for introgression.

Field abundance estimates

Data for this study were acquired from the Government of
Alberta’s Fisheries and Wildlife Management Information Sys-
tem (FWMIS). Most data on native rainbow trout abundance
in the Athabasca River watershed were derived from single-
pass electrofishing catch per unit area (CPUA) sampled at the
reach scale (sites typically 300–1000 m in length). Single-pass
electrofishing in streams, with an upstream blocking net, is
more efficient than other methods because it allows greater
spatial coverage in equivalent time and is strongly correlated
to population estimates derived from mark–recapture stud-
ies (COSEWIC, 2014). Sampling was carried out in second-
to fourth-order streams in July–August 1997–2011. Although
many streams were sampled once throughout the watershed
(3052 sites [Figure 2]) and captured native rainbow trout, we
compiled data from streams that were sampled at least twice to
determine temporal trends in abundance (57 sites) (Figure 2 &
Appendix S1).

Statistical analyses of abundance trends

We estimated temporal trends in abundance for 57 stream
sites to assess the status of the Athabasca River rainbow trout
(COSEWIC, 2018) (Appendix S1) in 3 stages. The R code for all
analyses is provided in Appendix S2. First, we pooled all stream-
site data and estimated site-specific trends in CPUA, Ai,t , for the
year at time t and stream i with a log-linear regression:

ln ln
(
Ai,t

)
= 𝛽i + 𝛼iyeari,t + 𝜖i,t , (1)

where 𝛼i and 𝛽i are fixed effects independent for each stream
and based on an observation error 𝜖i,t ∼ N (0, 𝜎), with 𝜎 shared
across all sites. Equation (1) was fit to observed CPUA data via
maximum likelihood in R version 4.0.4 (R Core Team, 2020).
Site-specific slopes 𝛼i and intercepts 𝛽i (log transformed) were
used to predict abundance at time t = 1. We used exponen-
tial models because they are applicable in situations of pop-
ulation growth or decay processes (Gerrodette, 1987) and in
conservation applications where the decline criterion is percent
decline per generation (IUCN, 2012; COSEWIC, 2018). We
derived initial estimates of the DU-wide trend from Equation
(1) by summing the site-specific annual percent declines (e.g.,
Âi,t = 2 − Âi,t = 1) as a proportion of initial abundances across
the set of I sites:

% Δ1 =

∑I

i
Âi,t=2 −

∑I

i
Âi,t=1∑I

i
Âi,t=1

, (2)

where initial abundances are estimated from the log-linear
regression in Equation (1):

Âi,t1
= e(𝛽i + 𝛼i yeari,1 ) . (3)

However, this initial DU-wide estimate derived with log-
linear regression fails to account for possible dependencies
among sites or propagate uncertainty among parameter esti-
mates, which becomes necessary to derive quantitatively defen-
sible criteria required under IUCN or other national endan-
gered species legislation from the statistical model. In our case,
for example, the rate of change for the entire DU (Equa-
tion 2) required for COSEWIC assessments was derived from
the weighted average of all site-specific trends. However, we
needed to allow the DU-wide trends to be weighted more by
the population changes in what were originally large popula-
tions rather than small populations. This lack of propagation of
uncertainty between directly estimated parameters into derived
parameters can be problematic when, for example, slopes and
intercepts are estimated with varying degrees of uncertainty or
when estimates are correlated.

In the second stage of our analysis, we used a frequen-
tist mixed-effects model to jointly estimate both site-specific
and DU-wide trends by partially pooling information among
sites. This model adds random normally distributed deviates
to site-specific trends and intercepts from Equation 1 (i.e.,
ln ln (Ai,t ) = 𝛽i + 𝛼iyeari,t + 𝜖i,t ) such that

𝛼i = 𝛼DU + 𝜖𝛼,i , (4)

𝜖𝛼,i ∼ N (0, 𝜎𝛼 ) (5)

and

𝛽i ∼ N
(
0, 𝜎𝛽

)
, (6)

where 𝛼DU is the average slope across the entire DU and 𝜖𝛼,i
and 𝛽i are random normal deviates in the trend (or intercept)
for site i with mean 0 and variance 𝜎𝛼 (or 𝜎𝛽). Like model 1,
estimates for site-specific trends pool information and uncer-
tainty from all sites (by placing constraints on among-site trends
as arising from a normal distribution). Unlike model 1, with
the mixed model we also estimated a global trend 𝛼DU. Fur-
thermore, although model 1 treats each site as independent, the
mixed model can account for some dependencies among sites
such that sites with weak evidence (i.e., high uncertainty) shrink
to the global mean, whereas sites with strong evidence (i.e., low
uncertainty) can deviate more widely from the global mean.
However, strong evidence can often require large amounts of
data, >30 observations per group. Hence, mixed models rely-
ing on sparse observation data from a whole watershed may
not allow for strong site-specific deviations from the global
mean. We estimated our mixed-effects model with lme4 in R
and calculated corresponding p-values (based on Satterthwaite
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FIGURE 2 Distribution of sampling points for Athabasca rainbow trout in the Upper Athabasca River watershed, where native rainbow trout were present,
and the 57 sites for which time series of catch-per-unit-area are available. The uppermost area of the upper Athabasca River watershed in Jasper National Park is
indicated because it is no longer considered to contain native rainbow trout due to substantial introgression with non-native stocked fish and therefore not part of
the designatable unit for at-risk assessment

denominator degrees of freedom) and bootstrapped confidence
intervals for site-specific trends with lmerTest and sim, respec-
tively (Bates et al., 2015; Gelman & Su, 2020; Kuznetsova
et al., 2017). We inferred significance for stream-specific ran-
dom slopes if their bootstrapped 95% confidence intervals did
not cross 0.

In the third stage of our analysis, we built a hierarchical
Bayesian mixed-effects model to jointly estimate site-specific
and DU-wide trends on a joint posterior distribution. Because

limited temporal replication existed for CPUA observations in
each stream, we incorporated uncertainty in estimates of the
expected CPUA based on an average coefficient of variation
across all sites assuming lognormal and multiplicative error.
Based on this uncertainty, Markov chain Monte Carlo (MCMC)
methods were used to sample the posterior distribution for the
slope (αi) and intercept (βi) in Equation (1) for each stream
and to obtain probabilistic estimates of parameters and corre-
sponding quantitative criteria. In other words, by using Bayesian
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techniques, we propagated the uncertainty in trends over time at
each site with observation error to estimate uncertainty in trends
over time for the whole DU. We solved Equation (1) in the hier-
archical Bayesian model such that the slope 𝛼i was hierarchical
across all sites (i.e., assuming common environmental factors
might jointly shape trends across the entire DU) and intercepts
were independent fixed effects (i.e., that initial population sizes
were independent among sites). The hierarchical slopes 𝛼i were
estimated probabilistically from a hyperprior such that

𝛼i ∼ N

(
𝛼DU,

1√
𝜏𝛼

)
, (7)

where 𝛼DU is the slope across the entire DU and 𝜏𝛼 is the
inverse of the variance of site-specific slopes across the entire
DU. The global slope 𝛼DU was given a vague normal prior
centered on 0, and 𝜏𝛼 was given a vague gamma distribution
prior. Bayesian estimates of site-specific intercepts were esti-
mated from independent vague priors such that

𝛽i ∼ N (0, 10) , (8)

where 10 is the presumed variance describing the width of their
respective normal priors. Preliminary estimates of 𝛼i and 𝛽i

were consistent across less informative priors. Estimated abun-
dances Âi,t were then fitted to observed abundance Ai,t based
on the assumption of a lognormal likelihood such that

Ai,t ∼ LN
[
ln ln

(
Âi,t

)
, 𝜎

]
, (9)

where 𝜎 is the SD in observation error and

𝜎 =
√

ln ln (cv2 + 1) , (10)

where cv is the coefficient of variation of the untransformed
abundance data. We modeled cv with vague gamma prior under
the assumption that uncertainty in observed abundances had
multiplicative error. Maximum likelihood estimates from our
first model provided the starting values and a basis for com-
parison with the Bayesian hierarchical model.

We derived estimates of the relative change in abundance per
year (%Δ1) for the entire DU with the relative uncertainty in
local trends weighted by their site-specific initial abundances in
Equation (2). We then projected the probability of a change in
CPUA forward in years Nyears, with the posterior samples of 𝛽i

and 𝛼i to get status metrics relevant for COSEWIC assessments
such that

% ΔNyears
= (1 + %Δ1)Nyears − 1. (11)

Thus, we propagated uncertainty from site-specific trends
into probabilistic estimates of decline for the entire DU to align
with policy-relevant assessment criteria.

We estimated our hierarchical model in openBUGS (Bayesian
Inference Using Gibbs Sampling) 3.2.1 (available from

http://www.openbugs.info/w/). This software implements an
MCMC based on the Gibbs sampler to obtain a representa-
tion of the posterior probability density function (Thomas et al.,
1992). To estimate model parameters, the MCMC was run for
100,000 iterations, and the first 10,000 iterations were removed
to eliminate burn-in effects. Chains were initialized from 2 dif-
ferent starting points. Convergence of the chains was visually
assessed by monitoring trace plots of the Markov chains as well
as examining the Gelman–Rubin diagnostics (provided in the
BRugs package for the R programming environment) so that
the potential scale reduction factor for each parameter was <1.1
indicating convergence to a common posterior mode (Gelman
et al., 2013).

RESULTS

Based on the most commonly applied frequentist approach,
the log-linear regression showed that 33 of 57 sites had nega-
tive trends in CPUA, but only 2 showed statistically significant
declines (p < 0.05) (Figure 4). With the site-by-site weighting
in Equation (2), the estimated trends from all sites resulted in
a DU-wide trend of −17.7% per year. Frequentist inference
from the fixed-effects model tended toward rejecting the sta-
tistical significance of the best trend estimate (−17.7% per year)
in favor of failing to reject the null of no significant change in
the abundance of Athabasca River rainbow trout.

The frequentist hierarchical mixed-effect model supported
the observation that Athabasca River rainbow trout are in
widespread decline (Figure 4). The hierarchical model esti-
mated a significant unweighted global trend of −33.2% per year
(p < 2 × 10–16, Satterthwaite df = 54.1) that, when weighted by
site-specific abundances as in Equation (2), translated to a DU-
wide trend of −16.4% per year. In contrast to the first model,
site-specific trends tended to shrink to the global mean (esti-
mated SD among site trends 𝜎𝛼= 0.114), leaving site-specific
intercepts (corresponding to estimated initial abundances) to
account for much of the remaining variation among streams
(estimated SD among site intercepts 𝜎B = 25.04). Overall, we
estimated 26 of 57 sites had significant trends in CPUA; 20
of these sites had significant declines. Hence, compared with
the fixed-effects model, the hierarchical mixed-effect model
suggests that most sites shared a similar decline and most of
the variability was in their initial abundances. Extrapolating to
3 generations (15 years), as per criterion A4 of COSEWIC,
2018, the mixed model estimated a DU-wide trend of −93.2%,
exceeding criteria thresholds for endangered status, but this
extrapolation lacked appropriate estimates of uncertainty for
application in a risk assessment.

The hierarchical Bayesian model showed substantial variabil-
ity in the temporal trends among the 57 sites (Figure 3). The
variance among the individual trends collapsed to some degree
toward the mean unweighted trend of −13.2% per year, and 15
of the individual trend estimates were negative at the 80% cred-
ible interval (Figure 4). Weighting of the site-by-site analysis by
relative abundance in a Bayesian framework resulted in a DU-
wide trend of −16.1% per year (80% credible intervals of −11.6

http://www.openbugs.info/w/
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FIGURE 3 Time series of catch-per-unit-area (CPUA) (error bars, 1 SE) for 57 tributaries in the Athabasca River drainage sampled for Athabasca rainbow
trout and posterior mean trend estimates from the Bayesian model (black lines). Numbers below tributary names are stream identity numbers in the Government of
Alberta’s Fisheries and Wildlife Management Information System database
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FIGURE 3 Continued
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FIGURE 4 Estimated trends in catch-per-unit-area of Athabasca rainbow
trout for 57 sites in the Upper Athabasca River watershed analyzed with 3
statistical models. The frequentist linear model shows statistically significant
(filled circles) and nonsignificant (open circles) trends. The frequentist linear
mixed model shows estimated site-specific trends (blue circles, 95%
bootstrapped confidence intervals for random slopes that do not cross 0; open
circles include 0). For the Bayesian mixed model analysis, blue circles indicate
the 80% credible intervals for site-specific trends do not cross 0, whereas open
circles do. Red circles indicate abundance weighted estimates for
designatable-unit-wide declines from each approach. Estimates are joined by
lines for each of the 57 stream sites

to −20.9% per year) (Figure 5)—similar to the DU-wide point
estimate from the frequentist hierarchical mixed-effect model
analysis. Despite less certain individual site trends, there was
high certainty of a decline in the Athabasca River rainbow trout
at the scale of the whole DU over 3 generations (15 years), as
applicable to criterion A4 of COSEWIC (2018); posterior mean
trend was −91.3% (80% credible interval: −84.3 to −97.0%)
(Figure 6). We used the posterior distribution in the DU-wide
trend to make probabilistic inferences on our confidence of var-
ious numerical decline thresholds. There was >99% probabil-
ity that declines across the whole DU exceeded the threshold
for endangered status (>−50% or −70%; threshold depending
on whether the cause or causes of the change are understood
and reversible [see COSEWIC, 2018 for complete status defini-
tions]).

DISCUSSION

Extensive low-resolution abundance data are common in the
assessment of at-risk status based on quantitative criteria
(Magera et al., 2013; White, 2019). These data can be problem-
atic in the application of criteria to assessments for 3 reasons.
First, statistical power to measure declines is often low because
of few site-specific observations with high sampling uncertainty,
leading to a high frequency of type II errors. Second, a DU-

FIGURE 5 Relationship between the Bayesian hierarchical posterior
estimates of annual percent rate of change and catch-per-unit-area (CPUA)
(fish per m2) of Athabasca rainbow trout in the first year of data collection at
each site (blue circles, declining population trends at 80% credible interval; red
point and vertical bars, mean and 80% credible intervals for the abundance
weighted annual decline rate at the scale of the whole designatable unit,
respectively)

wide decline estimate requires weighting of individual site esti-
mates by their relative abundance. Third, range-wide assess-
ments based on mean and variance of multiple site-specific
decline rates do not effectively incorporate uncertainty across
multiple individual estimates. We characterized these statistical
inadequacies for a risk assessment of the Athabasca River rain-
bow trout in Canada through an alternate approach that appro-
priately propagated local and global uncertainty. This resulted
in a DU-wide assessment of risk status based on IUCN and
COSEWIC population decline (criterion A).

In our hierarchical Bayesian analysis, data were pooled from
multiple low-resolution time series from sites sampled across
a widely distributed rainbow trout DU and thus provided an
aggregate probabilistic estimate of rate of population decline.
This estimate was interpreted in the context of decline criteria
to assign a risk status of Endangered (COSEWIC, 2014). Hierar-
chical modeling, including frequentist and Bayesian paradigms,
is a well-known approach to tackle the challenges and biases
resulting from multiscale sampling (Royle & Dorazio, 2008;
Bolker et al., 2009), and both hierarchical models provided sim-
ilar estimates of declines in Athabasca River rainbow trout.
However, applications of these statistical approaches in list-
ings have been slow to be adopted in conservation applications
despite their obvious appeal in addressing these estimation chal-
lenges. In particular, the Bayesian approach provides a contin-
uous probability distribution, rather than a discrete inference
of exceedance, or not, of risk thresholds. The more traditional
approach is to assess independent site-specific analyses of tem-
poral trends with discrete inference from null hypothesis testing
that, in our case, failed to identify significant declines and would
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FIGURE 6 Posterior probability distribution for estimated rate of change
in Athabasca River rainbow trout, weighted by estimates of their
catch-per-unit-area (CPUA) in the first year of data collection, over 3
generations, and over 15 years (dotted, dashed, and solid lines, decline
thresholds of 30%, 50%, and 70%, respectively). These include current
observations and any extrapolations necessary for a 15-year estimate

certainly have led to a not-at-risk designation for this DU. Based
on this more commonly used approach of site-specific data, an
analysis of marine mammals showed that better monitoring data
were necessary for robust at-risk status assessments (Magera
et al., 2013). It is likely in this marine-mammal application that a
hierarchical Bayesian mixed-effects approach would have more
accurately characterized decline rates, rejected the hypothesis of
no decline, and lead to a more appropriate assignment of risk
status.

The theory embedded in the hierarchical Bayesian approach
is that the small-scale site-specific observations of trend and rel-
ative abundance are parameters associated with the joint proba-
bility model at the spatial scale of the whole DU (Berliner 1996
et al., 1996; Gelman et al., 2013). The conceptual interpretation
is that even though individual site-specific observations, and
their temporal trends, have substantial uncertainty on their own,
the posterior distribution across sites best represents trends at
the global scale. So, consistency in decline pattern among site-
scale observations, despite their individual uncertainty, increases
certainty in global trends. The results of the frequentist fixed-
effects and hierarchical mixed-effects approaches and the hier-
archical Bayesian mixed model are not contradictory, but rather
imply divergent assumptions about the structure of the infor-
mation. Bayesians would argue that the conclusions from site-
by-site observations should be updated with additional obser-
vations if the goal is to best represent conclusions at the larger
scale (Berliner, 1996; Gelman et al., 2013)—in this case, at the
scale of the DU. Statistically, by pooling the information from
site-specific observations, the hierarchical models, whether fre-
quentist or Bayesian, shrink individual estimates of local popu-
lation trends toward the aggregate mean (here the scale of the

DU) thus reducing uncertainty in estimates of the trend across
the DU. The Bayesian approach has the advantage of provid-
ing a posterior probability distribution against which the at-risk
threshold criteria can be assessed. In addition, this approach
allows imputing a trend estimate with a posterior probability dis-
tribution at the required time scale of 3 generations, or in fact
any other time scale, despite many of the empirical time series
being of shorter duration.

The IUCN quantitative criteria involve decline thresholds
(e.g., >30%, 50%, or 70%) over 3 generations. The hierarchical
Bayesian analysis provides a posterior distribution on which the
decline thresholds can be placed. This allows inferences to be
drawn about probability of the threshold being exceeded, rather
than just a simple conclusion of exceedance or not. In our anal-
ysis, we simply accepted that the threshold would be exceeded
if the threshold had a >50% probability of being exceeded. The
corollary is that we accepted a probability of mistakenly reject-
ing a threshold when it was met with the probability of up to
50%. It can be argued, in a precautionary sense, that this prob-
ability of failing to recognize an appropriate risk status is much
too high. The key advantage of this approach is that practition-
ers can provide an explicit statement of the degree of risk aver-
sion and weight of evidence used in their listing recommenda-
tion.

An additional strength of this approach is in propagat-
ing uncertainty across the hierarchy of observations to allow
weighting of trend observations based on local and global
uncertainty and local relative abundance. Because the conser-
vation assessment task was to develop a trend analysis of the
scale of the DU, the contribution of site-specific trends in abun-
dance and inherent uncertainty is summarized at the appropriate
spatial scale. In our example, it was the largest subpopulations
that tended to have larger declines and therefore dominated the
posterior probability distribution of decline for the DU.

The quantitative criterion used to assess status from decline
rate refers to declines in population abundance over 3 gener-
ations. An analytical issue in this assessment was in estimat-
ing a 3-generation trend given variable and typically shorter
time series. Our analyses incorporated data from sites for which
there were 2 or more estimates of CPUA, yet these time series
did not necessarily align with the required 3-generation time
scale. The model estimate was in units of annual percent decline
rate yet needed to be extrapolated to 3 generations (15 years
in this case). The hierarchical analysis, which appropriately
incorporates uncertainty in these estimates, provided posteri-
ori estimates for extrapolation of the data to the required 3-
generation criteria despite inclusion of many time series not
meeting this requirement. We then contrasted these estimated
trends for the whole DU to the at-risk thresholds for criterion
A4 (COSEWIC, 2018), which includes data from the past plus
a sufficient number of additional years to represent the full 3
generations.

In addition to the substantial decline in the abundance
of Athabasca River rainbow trout across the DU, the native
genome is being eroded by introgressive hybridization with
hatchery fish. Unfortunately, there are not sufficient spatial data
to determine the rate of decline of the native genome at the
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scale of the DU. Temporal genetic data on the degree of intro-
gression are available for only 3 paired sites located in the main
stem of the Athabasca River. Between 2000 and 2011, Qi val-
ues (admixture coefficient, representing the proportion of the
genome that is of indigenous origin) decreased from 0.5% to
4.3% per year, and the average decrease was 29.2% over 3 gener-
ations (15 years) at these sites (Taylor et al., 2007; Taylor & Yau,
2013). The rate at which introgression will proceed across this
large fractal watershed, with hundreds of tributaries, is uncer-
tain, but it is clearly advancing due to the movement of non-
native genotypes and their progeny in the DU.

In summary, multiple spatially distributed observations of
abundance, despite low individual resolution, can be used
within a hierarchical Bayesian framework to estimate range-
wide decline rates of organisms. These analyses are therefore
more appropriate than more broadly utilized frequentist fixed-
effects statistical approaches for application to situations with
multiple hierarchically structured abundance estimates and
should be employed to provide a more robust and defensible
assessment of risk status at these larger scales. With robust
probabilistic assessments of exceedance of decline thresholds,
evidence-based decisions of risk status can be made within a
precautionary policy framework, such as those developed by
IUCN globally and by COSEWIC in Canada.

In our experience in assigning at-risk status for Canadian
species assessment carried out by COSEWIC over more than
a decade, the committee is most comfortable with dichotomous
assignment of status based on the statistical significance of
trends estimated through simple regression techniques, where
the mean trend exceeds thresholds. But this approach, although
simple, is ineffective in incorporating weight of evidence accu-
mulated across space with uncertainty. This weight of evidence
is more effectively characterized by the continuous description
of trend uncertainty provided by the approach we advocate. But
the final assessment still needs to be dichotomous, at risk (i.e.,
threatened or endangered) or not at risk, which forces propo-
nents to be explicit about their willingness to underestimate risk
status given the precautionary principle. In our Athabasca rain-
bow trout example, the mean decline trend is much greater than
the threshold for endangered and the portion of the posterior
distribution that is below the threshold is very small, so the
dichotomous decision is clear. But in the case where the poste-
rior distribution straddles the threshold, practitioners will have
to be explicit about their risk aversion to failing to assign risk
when there is risk. As far as we can tell, the literature does not
provide guidelines on this. If, for example, the threshold splits
the posterior distribution by approximately half, an assessment
of not at risk is associated with a probability of being wrong
about one-half of the time, arguably inappropriate given the pre-
cautionary principle as applied to the consequences of extinc-
tion. The precise threshold for exceeding quantitative decline
criteria represents management’s tolerance to the risk of not
protecting a threatened or endangered species. Although it can
be reasonably argued that a 50% chance of making such an
error is too high, is 20% or 5% more appropriate? Conserva-
tion agencies should develop guidelines for use of the IUCN

status-assessment approach based on population decline crite-
ria coupled with explicit measures of uncertainty.
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